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A B S T R A C T

Soils at many contaminated sites have accumulated a significant amount of per- and polyfluoroalkyl substances
(PFAS) and may require remediation to mitigate leaching to groundwater. USEPA’s current approaches for
determining soil screening levels (SSLs) were developed for non-PFAS contaminants. Because many PFAS are
interfacially-active with unique leaching behaviors in soils, the current non-PFAS-specific soil screening models
may not be applicable. Following USEPA’s general methodology, we develop a new modeling framework
representing PFAS-specific transport processes for determining site-specific SSLs for PFAS-contaminated sites.
We couple a process-based analytical model for PFAS leaching in the vadose zone and a dilution factor model
for groundwater in an integrated framework. We apply the new modeling framework to two typical types
of contaminated sites. Comparisons with the standard USEPA SSL approach suggest that accounting for the
PFAS-specific transport processes may significantly increase the SSL for some PFAS. For the range of soil
properties and groundwater recharge rates examined, while SSLs determined with the new model are less
than a factor of 2 different from the standard-model values for less interfacially-active shorter-chain PFAS,
they are up to two orders of magnitudes greater for more interfacially-active longer-chain PFAS. The new
analytical modeling framework provides an effective tool for deriving more accurate site-specific SSLs and
improving site characterization and remedial efforts at PFAS-contaminated sites.
1. Introduction

Per- and polyfluoroalkyl substances (PFAS) have been widely used
since the 1940s for various applications, including fire-fighting, wa-
terproofing and repellant materials, and food and industrial applica-
tions (Buck et al., 2011; ITRC, 2019). The wide applications over
many decades have led to the ubiquitous presence of PFAS in the
environment. In particular, PFAS have accumulated significantly in the
vadose zone at many contaminated sites (Xiao et al., 2015; Weber et al.,
2017; Dauchy et al., 2019; Høisæter et al., 2019; Anderson et al., 2019;
Brusseau et al., 2020; Adamson et al., 2020; Cáñez et al., 2021; Quinnan
et al., 2021; Anderson et al., 2022; Schaefer et al., 2022). Driven by
infiltration events, PFAS migrate downward and pose significant risks
to contaminate the groundwater underneath (e.g., Guo et al., 2020;
Anderson, 2021; Schaefer et al., 2023).

Given that vadose zones at many PFAS-contaminated sites serve as
long-term sources of PFAS to contaminate groundwater, remediation
of the contaminated soils in the vadose zone may be required to
protect the groundwater underneath. For this purpose, it is important
to determine whether and to what extent a specific site requires fur-
ther attention. Identifying contaminated sites of concern is commonly
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achieved by developing a site-specific soil screening level (SSL), which
refers to the maximum concentration of a contaminant in the soil that
is considered protective to human health along a specified pathway of
exposure, such as groundwater resources (USEPA, 1996). In 1996, the
United States Environmental Protection Agency (USEPA) developed an
SSL framework to address these questions for traditional non-PFAS con-
taminants (USEPA, 1996). The USEPA SSL framework has been widely
applied for determining SSLs for the migration of various contaminants
to groundwater.

The development of SSLs often involves backward calculations start-
ing from a given acceptable groundwater concentration, e.g., the max-
imum contaminant level (MCL) in groundwater. Multiple approaches
of varying complexity have been developed for linking the MCL to
SSLs. The simplest approach in the existing USEPA framework is to
directly multiply an MCL by a dilution–attenuation factor (DAF) to
determine a representative concentration of the contaminant of concern
in porewater. In this simplest approach, the DAF accounts for dilution
and attenuation in groundwater only, not in the vadose zone. This
porewater concentration is then converted to an SSL assuming linear
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Fig. 1. A conceptual model for PFAS attenuation and dilution in the vadose zone and groundwater. PFAS released to the surface leach downward through the vadose zone to
groundwater driven by water infiltration flux. A receptor well is assumed to be located at the edge of the source zone.
and equilibrium solid-phase adsorption and, if relevant, linear and
equilibrium partitioning in the air phase. The more complex approaches
frequently involve process-based models that represent the fate and
transport of contaminants in both the vadose zone and groundwa-
ter, where attenuation and dilution can both occur. Often, a trans-
port model for the vadose zone is combined with another model
for groundwater. These transport models range from simple uniform
mixing models (Connor et al., 1997) to analytical and to more com-
plex numerical models (USEPA, 1996). These combined vadose-zone-
groundwater modeling frameworks can be used to inversely derive SSLs
given an MCL in groundwater. Additionally, they can also be used to
determine contamination risks in groundwater based on current soil
contamination conditions.

While many of these previous models have been widely used to de-
rive site-specific SSLs, they may not be applicable to PFAS, which have
unique interfacially-active properties. Many PFAS are surfactants and
accumulate at the air–water interfaces in water-unsaturated soils (e.g.,
Brusseau, 2018; Lyu et al., 2018; Brusseau et al., 2019; Costanza et al.,
2019; Silva et al., 2019; Schaefer et al., 2019a). Adsorption at air–
water interfaces and potentially complex interactions with the solid
(e.g., solid-phase adsorption) have been shown to significantly increase
the retention of PFAS in the vadose zone (e.g., Guo et al., 2020;
Silva et al., 2020; Zeng et al., 2021; Zeng and Guo, 2021; Guo et al.,
2022; Wallis et al., 2022; Gnesda et al., 2022; Schaefer et al., 2021).
However, retention due to air–water interfacial adsorption has not been
represented in the standard models outlined in the USEPA guidance
for determining SSLs (USEPA, 1996). Not accounting for the additional
retention processes at the air–water interfaces can lead to overly conser-
vative (i.e., low) SSLs. Recently, Brusseau and Guo (2023) proposed a
revision to the simplest DAF approach in the USEPA SSL framework for
determining SSLs for PFAS. The revised approach considers the adsorp-
tion of PFAS at the air–water interfaces when converting the porewater
concentration to a soil concentration. They showed that accounting for
the air–water interfacial adsorption in this mass distribution increases
the SSLs by up to an order of magnitude, depending on the type of
PFAS. The increase is greater for PFAS with longer carbon chains.
However, the revision proposed by Brusseau and Guo (2023) is based
2

on the simplest DAF approach by USEPA that does not account for any
attenuation in the vadose zone; the USEPA SSL guidance states that the
DAF approach assumes ‘‘soil contamination extends to the water table,
eliminating attenuation processes in the unsaturated zone’’ (USEPA,
1996). To our knowledge, the PFAS-specific attenuation processes in
the vadose zone have not been represented in any transport models for
the purpose of determining SSLs for PFAS-contaminated sites.

We develop a new integrated modeling framework by combining
an analytical vadose-zone transport model that includes PFAS-specific
retention and transport processes with a relatively simple approach
that accounts for the dilution of PFAS by mixing in groundwater.
This framework can be used to inversely derive site-specific SSLs for
PFAS from a given MCL or another acceptable concentration at a
receptor point (i.e., drinking water well) as well as to estimate the
PFAS concentration at a receptor well over time in a forward mode
to assess the groundwater-contamination risk of a given site. The
vadose-zone model is based on recently developed analytical solutions
for an advection–dispersion equation that accounts for the adsorption
of PFAS at air–water and solid–water interfaces (Guo et al., 2022),
which were derived from simplifying the comprehensive mathematical
model reported in Guo et al. (2020). Because our vadose-zone model
solves a differential equation that represents the retention and transport
processes of PFAS, it explicitly accounts for PFAS attenuation in the
vadose zone. For groundwater, we employ the simple dilution factor
approach reported in the USEPA SSL framework (USEPA, 1996), which
assumes that the contaminants discharged to groundwater are well
mixed between the leaching location and a receptor well. We demon-
strate how this integrated modeling framework can be applied in a
range of site-specific applications in both forward and inverse modes.

2. Modeling framework

2.1. Conceptual framework

At contaminated sites, PFAS migrate downward through the vadose
zone to impact groundwater, driven by infiltration events (Fig. 1).
Given the mass of PFAS in the soil at a contaminated site, it is critical
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Fig. 2. Schematic for the application of the integrated analytical modeling framework in both forward and inverse modes. The forward mode characterizes contamination risk to
groundwater by comparing the predicted concentration in a groundwater receptor well to an MCL or another acceptable concentration. The first approach in the inverse mode
iteratively derives a site-specific SSL for a given contaminated site that is protective of the groundwater in a receptor well. The second approach computes a site-specific groundwater
dilution factor, and a vadose-zone attenuation factor (derived from the forward mode) to derive the SSL following our recently revised USEPA DAF approach (Brusseau and Guo,
2023).
to predict PFAS concentrations in a receptor well to assess the risks of
contamination. Concomitantly, it is also important to derive SSLs for a
contaminated site that are protective of the groundwater in a receptor
well (i.e., not exceeding the MCLs or other acceptable concentra-
tions). For traditional non-interfacially-active contaminants, the USEPA
has published a standard soil screening guidance (USEPA, 1996). As
discussed in Section 1, the unique interfacially-active properties dis-
tinguish PFAS from traditional non-interfacially-active contaminants
and, as a result, the previous USEPA soil screening guidance may not
apply to many PFAS. In the present study, we develop an integrated
modeling framework comprising a vadose-zone model that incorporates
the PFAS-specific transport processes in soils and a groundwater model
that uses a simple dilution factor approach to account for PFAS dilution
due to mixing in the aquifer.

This integrated framework possesses both forward and inverse mod-
eling modes. Given the soil contamination conditions at a site (Fig. 2A),
the forward modeling mode simulates the mass discharge rates at the
3

bottom of the vadose zone which is then input into a groundwater
dilution factor model to compute PFAS concentrations at a groundwater
receptor well. Comparing the computed PFAS concentration to the
MCLs or other acceptable concentrations allows one to determine the
risks of groundwater contamination at the site (Fig. 2B). This forward
mode can also be used to characterize and quantify the impact of
remedial actions designed to reduce mass discharge to groundwater.

Conversely, the inverse modeling mode derives site-specific SSLs
that are protective of groundwater at a contaminated site. We present
two approaches for the inverse modeling mode. In the first approach,
we take the initial soil profile of PFAS concentrations of a contaminated
site and incrementally remove PFAS mass in the vadose zone (Fig. 2D)
until the PFAS concentration in the groundwater receptor well com-
plies with the MCLs or other acceptable concentrations (Fig. 2C). The
remaining upper-bound PFAS concentration in the vadose zone would
represent a site-specific SSL. To illustrate this first inverse modeling
approach, we present an example wherein the PFAS mass is removed
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proportionally across the soil concentration profile (i.e., the shape of
the soil concentration profile is kept unchanged) until the PFAS con-
centration in the groundwater is below the MCL or another acceptable
concentration (Fig. 2D).

The second inverse modeling approach is simpler and more direct,
which involves two steps. First, we use the forward modeling mode to
derive an attenuation factor in the vadose zone. This is done by taking
the ratio between the maximum porewater concentration in the vadose
zone and the maximum concentration in the soil leachate discharged
to groundwater at the bottom of the vadose zone. This ratio would
represent the attenuation that PFAS experience leaching through the
vadose zone. After obtaining the vadose-zone attenuation factor, we
then incorporate the determined attenuation factor into our recently
revised USEPA DAF approach (Brusseau and Guo, 2023) to compute
an SSL for a given PFAS. The following subsection discusses more
details of the vadose-zone and groundwater models. For simplicity,
hereafter we will use the MCL as an example acceptable concentration
in groundwater, but we note that other types of acceptable groundwater
concentrations can also be used in our analytical modeling framework.

2.2. Analytical process-based transport model in the vadose zone and
dilution factor model in groundwater

We employ a simplified, analytical model developed by Guo et al.
(2022) to model PFAS leaching in the vadose zone. The analytical
framework accounts for PFAS-specific transport processes and is de-
signed to be a screening-level tool similar to the simplified tools de-
scribed in the USEPA soil screening guide (USEPA, 1996). The an-
alytical vadose-zone PFAS leaching model (Guo et al., 2022) adopts
the following assumptions: (1) one-dimensional, steady-state water
infiltration in a homogeneous vadose zone; (2) linear adsorption at
solid–water and air–water interfaces, where a two-domain model is
used to represent kinetic solid-phase adsorption and the air–water
interfacial adsorption is assumed instantaneous; (3) partitioning to
the air phase is not represented; and (4) production of PFAS due to
the transformation of precursor is not considered. More details about
the analytical solutions and the underlying assumptions are reported
in Guo et al. (2022).

We comment on some implications of the assumptions presented
above. Prior studies have shown that steady-state flow may be an ap-
propriate assumption for quantifying long-term leaching of PFAS, even
in highly heterogeneous vadose zones (Guo et al., 2022; Zeng and Guo,
2023). The assumption of a homogeneous vadose zone suggests that the
analytical model may not directly apply to highly heterogeneous vadose
zones where PFAS leaching may be strongly influenced by preferential
flows (Zeng and Guo, 2023). However, ensembles of multiple model
runs of a homogeneous vadose zone covering a wide range of soil prop-
erties may be used to indirectly account for the impact of vadose-zone
heterogeneity on PFAS leaching and the derived SSLs. We note that
while the vadose-zone PFAS leaching model assumes a homogeneous
vadose zone, it allows for any spatially varying (or uniform) initial
PFAS concentrations in the vadose zone as demonstrated by Guo et al.
(2022) as well as in the present study (depth-dependent PFAS concen-
trations are used as initial concentrations in Section 3.1). Neglecting
partitioning to the air phase should be valid for most ionic PFAS that
are non-volatile, but may lead to overestimated aqueous-phase leaching
for those volatile non-ionic PFAS. Not accounting for precursor trans-
formation may underestimate the leaching of the produced terminal
PFAS. One conservative approach to account for that is to assume all
of the precursors at the site transform into the terminal PFAS and use
greater initial concentrations of the terminal PFAS accordingly based
on the initial mass of precursors at the site. Finally, we point out that
the analytical PFAS leaching model is not intended to replace more
sophisticated mathematical models. As more information and datasets
become available at the contaminated sites, more sophisticated models
4

that account for additional transport mechanisms such as nonlinear and
non-equilibrium processes and vadose zone heterogeneities (e.g., Guo
et al., 2020; Zeng et al., 2021; Zeng and Guo, 2021, 2023) may be used
for more advanced and detailed analysis.

The analytical vadose-zone PFAS leaching model provides spatial
PFAS concentration profiles over time as well as time-dependent mass
discharge rates at the bottom of the vadose zone. Additionally, it
can also be used to derive an effective vadose-zone attenuation factor
representing the detailed attenuation processes occurring in the vadose
zone. We define the vadose-zone attenuation factor as the ratio between
the maximum porewater concentration in the vadose zone and the
maximum leachate concentration discharged to groundwater at the
bottom of the vadose zone. It is noted that this attenuation factor
does not incorporate dilution within groundwater, which is represented
separately in the groundwater dilution factor model discussed below.
The vadose-zone attenuation factor is expected to be a function of
various factors, including soil properties, PFAS interfacial activity, and
infiltration conditions.

PFAS discharge rates computed by the vadose-zone model are
passed onto the groundwater model to determine the PFAS concentra-
tion in a receptor point (e.g., drinking water well) downstream of the
source zone. In the present study, we employ a simple dilution factor
model that assumes well-mixed conditions in the aquifer between the
PFAS mass discharge location and the receptor well, following that used
in the USEPA soil screening guidance (USEPA, 1996) and a few other
studies (Connor et al., 1997; Anderson, 2021). This simple dilution
factor approach only accounts for contaminant dilution in groundwater
and hence neglects any potential attenuation that may occur during
transport in groundwater. The dilution factor (USEPA, 1996) can be
computed as

𝐷𝐹 = 1 +
𝑈𝑔𝑤𝛿𝑔𝑤
𝐼𝑓𝑊

, (1)

where 𝑈𝑔𝑤 is the groundwater Darcy velocity (cm∕yr). 𝐼𝑓 represents an-
nual net infiltration (cm∕yr). W is the lateral width of the contaminated
site (cm). 𝛿𝑔𝑤 represents a computed estimate for the thickness of the
groundwater mixing zone (cm), which is calculated using the following
equation

𝛿𝑔𝑤 =
√

2𝛼𝑣𝑊 + 𝑏𝑠𝑎𝑡

[

1 − exp
( −𝐼𝑓𝑊
𝑈𝑔𝑤𝑏𝑠𝑎𝑡

)]

, (2)

where the vertical groundwater dispersivity 𝛼𝑣 is estimated as
0.0056*W, and 𝑏𝑠𝑎𝑡 represents the saturated thickness of the water-
bearing unit (cm). By definition, 𝛿𝑔𝑤 cannot exceed 𝑏𝑠𝑎𝑡.

Note that when limited information about the contaminated site
is available for computing a site-specific DAF, e.g., when using the
SSL framework for national applications, the USEPA soil screening
guidance recommends a default DAF of 20 to account for contaminant
dilution and attenuation during transport from the source zone to a
groundwater receptor point. It is interesting to note that the current
USEPA Reference Tables for regional SSLs even assume a DAF of 1 for
certain conditions (USEPA, 2023b) (accessed in January 2024).

The integrated modeling framework requires an array of site-specific
parameters as inputs into the mathematical models. These include soil
hydraulic and geochemical parameters, PFAS properties, and other site-
specific information such as depth to the groundwater table, the spatial
distribution of initial PFAS concentration, and infiltration conditions.
The soil parameters include residual water content 𝜃𝑟, saturated water
content 𝜃𝑠, parameters for the soil water characteristics (e.g., van
Genuchten parameters 𝛼 and 𝑛), soil bulk density 𝜌𝑏, and saturated
hydraulic conductivity 𝐾𝑠. Parameters for the PFAS properties in-
clude interfacial activity parameters (e.g., Szyszkowski parameters
𝑎 and 𝑏), solid-phase adsorption coefficients, and aqueous molecu-
lar diffusion coefficients. Site-specific parameters include infiltration,
depth to groundwater table, size of the source zone, and PFAS con-
centrations. The other critical parameter for PFAS transport is the
air–water interfacial area. Several approaches can be employed to
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Table 1
Parameter values for the 9 PFAS selected for the two constructed contaminated sites. Six PFAS are perfluoroalkyl carboxylic acids (PFCAs), and the other three PFAS are
perfluorosulfonic acids (PFSAs). The biosolids loading rates are derived from Venkatesan and Halden (2013). 𝑎 and 𝑏 are the Szyszkowski parameters obtained from the surface
tension data reported by Silva et al. (2019) and Silva et al. (2021), as summarized in Guo et al. (2022). 𝑀 is the molecular weight of PFAS. The diffusion coefficients 𝐷0 are
btained from Schaefer et al. (2019b). The MCLs for PFOA and PFOS are obtained from the EPA proposed MCLs (USEPA, 2023a), and those for PFNA, PFBS, and PFHxS are
implified for individual PFAS from the Hazard Index MCL (USEPA, 2023a). The MCLs for the other PFAS are then estimated based on their carbon-chain length relative to that
f the PFAS included in the USEPA’s proposal MCLs. Note that the assumed MCLs are used as an example to illustrate the application of the analytical modeling framework; other
ypes of acceptable groundwater concentrations can also be used.
PFAS 𝑎 𝑏 𝑀 𝐷0 (×10−6) Biosolids Release rate AFFF Release Rate Assumed MCL

mg∕L – g∕mol cm2∕s μg∕cm2∕yr μg∕cm2∕yr μg∕L

PFPeA 3168.6 0.22 264.05 12 0.000548 0.385 2
PFHxA 1350.42 0.21 314.05 7.8 0.00103 1.257 2
PFHpA 345.86 0.22 364.06 9.3 0.000567 0.503 2
PFOA 62.11 0.19 414.07 4.9 0.00567 1.509 0.004
PFNA 5.11 0.16 464.08 2.93 0.00153 0.00519 0.01
PFDA 3.7 0.17 514.08 2.27 0.00435 0.00251 0.004
PFBS 2400.8 0.15 300.1 11 0.000567 2.347 2
PFHxS 160.05 0.14 400.12 4.5 0.000984 11.902 0.009
PFOS 3.65 0.12 500.13 5.4 0.0672 167.628 0.004
quantify or estimate the air–water interfacial area as a function of
water saturation for a soil medium spanning from advanced direct X-
ray micro-tomography imaging to indirect interfacially-active tracer
methods to simpler approaches that estimate the air–water interfacial
area using the soil hydraulic properties or information of soil grain
size as recently reviewed by Brusseau (2023). In the present study, we
employ the commonly used thermodynamic-based method to estimate
the air–water interfacial area as a function of water saturation, as was
done in Zeng et al. (2021) and Guo et al. (2022). In this approach,
the air–water interfacial area can be estimated using only parameters
related to the soil water characteristics (Leverett, 1941; Morrow, 1970;
Bradford and Leij, 1997).

𝐴𝑎𝑤 =
𝜙
𝜎 ∫

1

𝑆𝑤

𝑝𝑐
(

𝑆𝑤
)

d𝑆𝑤, (3)

where 𝜙 is the porosity of the soil, 𝜎 is the surface tension of water, 𝑝𝑐
is the capillary pressure, and 𝑆𝑤 is water saturation. When computing
the thermodynamic-based 𝐴𝑎𝑤, the surface tension 𝜎 in Eq. (3) is taken
as the surface tension with no dissolved PFAS. Prior studies suggest that
the thermodynamic-based method may underestimate the air–water
interfacial area compared to that measured by aqueous interfacial
tracers (Jiang et al., 2020; Brusseau, 2023), likely due to not repre-
senting the impact of soil grain surface roughness. A scaling factor has
been proposed to correct the thermodynamic-based 𝐴𝑎𝑤 (Zeng et al.,
2021; Guo et al., 2022; Silva et al., 2022; Brusseau and Guo, 2023;
Brusseau, 2023). Brusseau (2023) developed multiple approaches for
estimating the roughness scaling factor depending on different levels of
data availability. We point out that, in addition to the thermodynamic-
based 𝐴𝑎𝑤 that needs the soil water characteristics as input, there are
also other even simpler approaches available that only require readily
available basic information, such as specific solid surface area and
median grain diameter of the porous medium (Brusseau, 2023).

3. Example applications

3.1. Application to assessing contamination risks and deriving SSLs

We present example applications to demonstrate how our integrated
modeling framework can be applied to assess contamination risks and
derive SSLs from a given acceptable groundwater concentration. We
construct two common types of PFAS-contaminated sites (Fig. 3). The
first is representative of a fire-fighting training area site impacted
by PFAS-containing aqueous film-forming foams (AFFFs). The second
represents an agricultural site impacted by the application of PFAS-
contaminated biosolids (Pepper et al., 2021; Sepulvado et al., 2011;
Moodie et al., 2021). The two sites have some key differences, including
PFAS concentration levels, the amount of water infiltration due to
different operational conditions, and the size of the site footprint. To
5

focus on examining the impact of these differences, we consider the
same suite of soils and PFAS, depths of the vadose zone, and the same
range of precipitation for these two sites. More details about the two
sites are presented below.

We synthetically generate PFAS contamination at the two sites by
simulating their respective contamination scenarios, i.e., the release of
PFAS to the vadose zone by fire training and biosolids application.
The fire training and biosolids application are both assumed to last
30 years. For both sites, we consider nine representative PFAS with
varying carbon-chain lengths and head groups (Guo et al., 2022). The
parameters for the list of PFAS are summarized in Table 1. See addi-
tional information for the determination of these parameters in Guo
et al. (2022). The release rates of PFAS at the two sites are determined
as follows. The AFFF-impacted site uses fire training operations and
PFAS concentrations in the AFFF solution similar to those reported
in the literature that follow standard practices at fire training area
sites (Guo et al., 2020; Zeng et al., 2021; Guo et al., 2022). The fire
training is assumed to occur every ten days, each session lasting 30 min
(total infiltration of 0.0458 cm of 1% diluted AFFF solution during each
session). The PFAS concentrations in the 1% AFFF solution are obtained
from Høisæter et al. (2019). For the biosolid site, we assume an average
annual loading rate of 6.75 dry tons per acre, derived from a USEPA
technical report (USEPA, 2000). From Venkatesan and Halden (2013),
we derive the respective PFAS concentrations present in the biosolids,
and then use the average dry weight and PFAS concentrations to obtain
the estimated annual loading rate of PFAS for the synthetic biosolids
sites.

For both sites, we consider 6 different soils spanning from sand
to sandy clay loam (Nguyen et al., 2020; Guo et al., 2022). The
soil hydraulic parameters are listed in Table 2 and the solid-phase
adsorption parameter for each PFAS specific to the different soils are in
Table 3. The 𝐾𝑑 values represent the mean 𝐾𝑑 across the entire depth
of the vadose zone. We assume that the measured 𝐾𝑑 values reported
in Nguyen et al. (2020) represent the soils in the top 0.6 m of the
vadose zone. Assuming the remaining depth of the vadose zone has
significantly less organic carbon (i.e., 20% of that in the shallow soil)
based on field observations (Schaefer et al., 2021), we obtain the mean
𝐾𝑑 through arithmetic averaging. When estimating the mean 𝐾𝑑 , we
assume that adsorption to organic carbon is the main contributor to
solid-phase adsorption. For the estimation of the air–water interfacial
area, we set the surface roughness scaling factor to 1 for simplicity. As
discussed earlier in Section 2, using a surface roughness scaling factor
of 1 would represent an underestimated air–water interfacial area and
subsequently smaller retention in the soil, which can be viewed as a
conservative approach for assessing groundwater contamination risks.

Three levels of annual precipitation (30 cm, 60 cm, and 120 cm)
are considered, covering semi-arid to much wetter climates. The pre-
cipitation needs to be converted to effective net annual infiltration.
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Table 2
Hydraulic and transport parameters for the six soils employed in the example applications. Most of the parameters were reported in Guo et al.
(2022). The soil texture information is obtained from Nguyen et al. (2020). Using the United States Department of Agriculture classification,
the six selected soils are classified as sand, sandy loam, two loams, sandy clay, and sandy clay loam, respectively. The hydraulic parameters
including saturated conductivity 𝐾𝑠, saturated water content 𝜃𝑠, residual water content 𝜃𝑟, and the Van Genuchten parameters 𝛼 and 𝑛 are
estimated by the Rosetta pedotransfer model (Zhang and Schaap, 2017). The dispersion coefficient 𝛼𝐿 is approximated using the empirical
model of Xu and Eckstein (1995) and is assumed independent of water saturation. Note that the predicted 𝐾𝑠 values reported in Guo et al.
(2022) were inadvertently mixed for the last four soils. Those values have been corrected here.

Soil 𝐾𝑠 𝜃𝑠 𝜃𝑟 𝜌𝑏 𝛼 𝑛 𝛼𝐿
cm∕day cm3∕cm3 cm3∕cm3 g∕cm3 cm−1 – cm

Sand 482.7 0.363 0.054 1.58 0.03133 2.72 24.39
Sandy Loam 211.1 0.570 0.097 0.82 0.01291 1.38 24.39
Loam 1 10.1 0.361 0.079 1.59 0.01072 1.362 24.39
Loam 2 16.2 0.384 0.079 1.47 0.00893 1.411 24.39
Sandy Clay 6.1 0.383 0.111 1.66 0.01364 1.238 24.39
Sandy Clay Loam 8.2 0.371 0.090 1.59 0.01095 1.327 24.39
Table 3
Solid-phase adsorption coefficients 𝐾𝑑 for the nine PFAS in the six soils used in the present study. The 𝐾𝑑 values represent the mean 𝐾𝑑 across
the entire depth of the vadose zone. The 𝐾𝑑 in the shallow soil (top 0.6 m) are obtained from Nguyen et al. (2020), and the values in the
deeper vadose zone are estimated assuming lower organic carbon fractions (20% of that in the shallow soil). The 𝐾𝑑 values for Sandy Loam
are generally much greater than that of the other soils due to its much greater organic carbon content (Nguyen et al., 2020).

PFAS 𝐾𝑑 (cm3∕g)

Sand Sandy Loam Loam 1 Loam 2 Sandy Clay Sandy Clay Loam

PFPeA 0.013 0.141 0.064 0.048 0.077 0.112
PFHxA 0.016 0.166 0.067 0.054 0.077 0.112
PFHpA 0.096 0.451 0.150 0.147 0.160 0.195
PFOA 0.170 0.909 0.454 0.205 0.259 0.218
PFNA 0.406 3.421 0.566 0.640 0.419 0.502
PFDA 2.410 14.64 2.547 3.936 5.398 0.275
PFBS 0.016 0.160 0.064 0.054 0.080 0.115
PFHxS 0.090 0.678 0.125 0.144 0.128 0.221
PFOS 1.030 10.976 1.126 1.338 1.008 1.104
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Here, we employ a simple scaling equation suggested by Stephens
et al. (1996) and Connor et al. (1997) that estimates net infiltration
from precipitation for sandy soils without having to gather detailed
information on site properties like impervious surface cover, curve
number, or vegetation at a specific site if this information is not
available. In this approach, the effective net annual infiltration rate
𝐼𝑓 = 0.0018𝑝2 (cm∕yr), where 𝑝 is net annual precipitation (cm∕yr).
With this estimation method, 30 cm, 60 cm, and 120 cm of net annual
precipitation lead to 1.62 cm, 6.48 cm, and 25.92 cm of effective
net annual infiltration, respectively. A variety of approaches spanning
different levels of complexity and data availability for estimating net
recharge are reported in the literature (e.g., Scanlon et al., 2002;
Healy, 2010), including a recent review by Newell et al. (2023) in the
context of quantifying PFAS mass discharge from unsaturated source
zones. Those approaches can also be incorporated into our integrated
modeling framework (see Fig. 3).

The two types of contaminated sites have a few important differ-
ences. Fire training areas vary in size, but are often relatively small
in area, spanning between approximately 100 m2 and 2000 m2 (FAA,
2010). At these sites, decades of fire training using AFFF products
results in highly-contaminated vadose zones (Anderson et al., 2019;
Brusseau et al., 2020). As an example, we consider a synthetic AFFF-
impacted fire training site of 30 by 30 m (FAA, 2010) and simulate
the release of PFAS-containing AFFF to the vadose zone due to regular
fire training over 30 years. The depth of the vadose zone is assumed
400 cm. The AFFF release rates and the concentrations of PFAS in
the 1% diluted AFFF solution were determined based on previous
studies (Guo et al., 2020; Høisæter et al., 2019; Zeng et al., 2021).
Because we assume steady-state water infiltration in the vadose zone,
the release rates of PFAS are averaged annually (see Table 1). For the
estimation of the groundwater dilution factor, we assume a site dimen-
sionality (𝑊 ) of 30 m, groundwater Darcy velocity 𝑈𝑔𝑤 of 1 m/day,
nd aquifer saturated thickness (𝑏) of 3.05 m. Note that these numbers
re estimated values for our synthetic scenarios used to demonstrate the
odeling framework. They need to be site-specific when the modeling

ramework is applied to real-world sites.
6

Agricultural sites impacted by the application of PFAS-containing
iosolids are typically much larger than AFFF-impacted fire training
rea sites, often spanning over 1,000 acres. Biosolids are usually ap-
lied once or twice per year and the PFAS concentrations in the
iosolids are typically several orders of magnitude lower than that
n the diluted AFFF solutions. We assume 6.5 dry tons per acre, or
.1513 g/cm/yr, of biosolids are applied annually based on the USEPA-
ecommended loading rates averaged for all crop types (USEPA, 2000).
he concentrations of PFAS in the biosolids in terms of mass per dry
eight are obtained from Venkatesan and Halden (2013). The PFAS

oncentrations in the biosolids are multiplied by the biosolids loading
ates to obtain the PFAS release rate in Table 1. Note that here we have
ot accounted for any additional retention of PFAS by the biosolids
aterials, which may be considered as a ‘‘worst-case’’ scenario for

ssessing groundwater contamination risks. The depth of the vadose
one is assumed the same as the fire training area site for comparison.
ue to the much larger area, we assume a site dimensionality (𝑊 ) of
,354 m corresponding to an area of approximately 1,369 acres, i.e., the
verage farm size in Arizona (USDA, 2020).

The other major difference between the AFFF and biosolids sites
s the net annual infiltration. In addition to precipitation, agricul-
ural sites may have additional infiltration due to irrigation. Based
n information reported by the United States Department of Agricul-
ure (USDA-NASS, 2019), we assume an average annual irrigation rate
f 45.72 cm of water per year, equivalent to the reported average
rrigation rate of 1.5 ft. Assuming 20% of the irrigated water reaches
he groundwater, we obtain 9.144 cm of additional net infiltration due
o irrigation. This irrigation-induced infiltration is added to the net
nfiltration due to precipitation to obtain the total net infiltration for
he biosolids sites.

To keep the generated PFAS concentration profiles the same for
ach PFAS and soil type when used for different precipitation rates,
e use constant precipitation of 30 cm when generating the syn-

hetic concentration profiles for the two contaminated sites. Having
he same starting soil PFAS concentration profile makes it easier to
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Fig. 3. Conceptual models detailing the two types of example contaminated sites being analyzed in the present study. The key differences between the AFFF-impacted fire training
site and the agricultural site receiving PFAS-containing biosolids are: site footprint, soil PFAS concentrations (i.e., the amount of PFAS released to the subsurface), and infiltration
rates.
examine the impact of the different infiltration rates on groundwater
contamination risks and SSLs. Combining 9 individual PFAS and 6 soil
types generates 54 synthetic contamination cases for each of the two
types of contaminated sites. These synthetic soil PFAS contamination
profiles are used to demonstrate the application of our SSL framework
at PFAS-contaminated sites under a wide range of conditions.

3.2. Additional considerations for the application of the modeling frame-
work

In addition to the specific data availability in the example appli-
cations discussed above, the analytical modeling framework can also
be applied to situations with a different level of data availability.
For instance, while synthetic high-resolution initial PFAS concentra-
tion profiles are used in the above examples, the analytical modeling
framework can also be applied to general soil concentration profiles
with any number of depth-discrete data points collected from a con-
taminated site. The minimal number of depth-discrete samples required
to represent a vadose zone will depend on the vertical variability of
PFAS concentrations. For example, a vadose zone with highly depth-
dependent PFAS concentration will likely need more depth-discrete
samples than that for a vadose zone with a relatively uniform PFAS
concentration. In practical applications, users may need to make de-
cisions based on the specific site conditions and use the modeling
framework (by running different scenarios) to test whether adding
more depth-discrete samples would appreciably change the computed
results (e.g., PFAS concentrations at the receptor point or the derived
SSLs).

Additionally, soil water characteristic parameters are used to deter-
mine the soil water content and the air–water interfacial area in the
example applications, but these two parameters can also be obtained
from other approaches if the soil water characteristic parameters are
not available. For example, the soil water content can be measured
from the soil samples of soil borings. The air–water interfacial area
can also be estimated from other more readily available information,
such as the specific solid surface area and medium grain diameter, as
discussed in Brusseau (2023). Furthermore, PFAS porewater concen-
tration datasets collected by suction lysimeters have recently become
more commonly available at PFAS-contaminated sites (Quinnan et al.,
2021; Schaefer et al., 2022; Anderson et al., 2022; Schaefer et al.,
2023). These porewater concentration datasets can potentially be used
to further constrain the model parameters related to PFAS retention in
the vadose zone as suggested by Anderson (2021).
7

The examples applications in Section 3.1 focus on the assessment
of contamination risks and the determination of SSLs, which are crit-
ical for the initial stages of site investigations to prioritize sites for
further characterization. However, the analytical modeling framework
can also be used for more general applications. For example, it can
be used to characterize the source strength and long-term impacts
of PFAS leaching and mass discharge to groundwater. It can also be
used to evaluate the effectiveness of different remediation strategies
such as partial source removal or installation of a horizontal barrier,
e.g., source removal can be represented by modifying the initial PFAS
concentration profile. It is important to note that because the analytical
modeling framework is computationally efficient, any uncertainties in
the input parameters or datasets can be propagated to the model pre-
dictions using Monte Carlo-type simulations. Overall, it is anticipated
that the analytical modeling framework will be useful for a variety
of site characterization and remedial selection/assessment efforts, and
lead to an improved capacity to determine, manage, and mitigate risks
associated with PFAS-contaminated sites.

4. Results and discussion

We present simulation results and analyses to demonstrate how the
analytical modeling framework can be used to characterize groundwa-
ter contamination risks for a given contaminated site and to determine
site-specific SSLs that are protective of an adjacent groundwater recep-
tor well, using the two example types of contaminated sites discussed
in Section 3.1.

4.1. Characterize PFAS contamination risks in groundwater

As discussed in Sections 1 and 2, PFAS in the vadose zone expe-
rience additional retention due to adsorption at fluid–fluid interfaces
(e.g., air–water interfaces) compared to traditional non-interfacially-
active contaminants. To illustrate the impact of these additional re-
tention processes, we use the analytical vadose-zone transport model
to simulate the transport and quantify the attenuation of PFAS in
the vadose zone and their concentrations in a groundwater receptor
well impacted by the source zone. The effective attenuation factor, as
defined in Section 2, represents the ratio of the maximum PFAS pore-
water concentration in the vadose zone to the maximum concentration
discharged to groundwater, which can be computed by operating the
analytical vadose-zone transport model in a forward mode. A greater
attenuation factor indicates greater retention experienced by that PFAS
in the vadose zone.
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Fig. 4. Computed attenuation factors for the 9 PFAS in the vadose zone for the AFFF-impacted fire training site at a precipitation level of 60 cm. The greater attenuation factors
for the sandy loam are due to their much greater solid-phase adsorption capacity compared to the other soils (see Table 3). (For interpretation of the references to color in this
figure legend, the reader is referred to the web version of this article.)
The computed effective attenuation factors for the nine PFAS in the
vadose zone are presented in Fig. 4. The AFFF-impacted fire training
site at a precipitation level of 60 cm is used as an example. The results
indicate a strong dependence of the vadose-zone attenuation factor
on the specific PFAS. For the same soil, the vadose-zone attenuation
factor can vary by up to almost two orders of magnitude among PFAS,
and it increases for PFAS with a longer carbon chain for both PFCAs
and PFSAs. The attenuation factors for the shorter chain PFAS are
close to 1, indicating minimum retention experienced in the vadose
zone. Because the shorter-chain PFAS experience minimum retention,
their attenuation factors are much less sensitive to the soil media.
Conversely, the attenuation factor for the longer-chain PFAS varies
strongly among the different soil media. For example, the attenuation
factors for PFNA, PFDA, and PFOS are consistently greater than 20 for
all six soils. It is interesting to note that the attenuation factors for
the Sandy Loam soil are much greater than the other soils. A closer
inspection reveals that the larger attenuation factors are caused by the
Sandy Loam soil’s greater solid-phase adsorption capacity compared to
the other soils (see Table 3).

The attenuation factors for the PFAS in the vadose zone directly in-
fluence the mass discharge rates to groundwater and the PFAS concen-
tration at receptor points in groundwater (e.g., groundwater receptor
wells). Fig. 5 shows the simulated PFAS concentrations in a ground-
water receptor well impacted by the source zone, which represents
potential groundwater contamination risks. The case of the Sandy Clay
Loam soil for the AFFF-impacted fire training site under all three pre-
cipitation levels is presented as an example. The significant differences
in the PFAS concentrations under different precipitation levels demon-
strate that precipitation and net infiltration are major drivers of PFAS
leaching from the vadose zone to groundwater. As expected, at lower
precipitation levels (i.e., smaller net infiltration), the receptor well has
lower peak concentrations, and the duration of the leaching process
is longer. We also present the results where the vadose-zone transport
model does not account for the air–water interfacial adsorption (second
row of Fig. 5). Comparisons with the results that account for air–water
interfacial adsorption indicate the importance of adsorption of PFAS at
the air–water interface as a primary retention mechanism, especially
for the longer-chain PFAS. Not accounting for adsorption at the air–
water interface accelerates the leaching process and leads to much
greater predicted PFAS concentrations in groundwater for the longer-
8

chain PFAS. For example, when air–water interfacial adsorption is not
included, the peak concentration for PFOS increases by approximately
7, 4, and 2.5 times for the precipitation levels of 30 cm, 60 cm, and
120 cm, respectively.

The simulated PFAS concentrations in the groundwater receptor
well differ significantly between the AFFF-impacted fire training and
biosolids-impacted agricultural sites (Fig. 5 vs. Fig. 6). The peak con-
centrations for the AFFF-impacted site are up to an order of mag-
nitude greater than that for the biosolids site under the same soil
conditions, especially for longer-chain PFAS. For example, PFOS peak
concentrations for the highest precipitation case differ by a factor of
approximately 37. The shorter-chain PFAS also differ on average by a
factor of 10 between the two site types. This is because the soils at the
AFFF-impacted site generally have much greater PFAS concentrations
than those at the biosolids-impacted agricultural site. See Figures S1-
10 in the supporting information (SI) for the spatial concentration
profiles at the beginning of the leaching simulation for some example
cases. For both sites, it is interesting that while the simulated con-
centrations of PFOS and PFOA in the groundwater receptor well are
much greater than their MCLs, some of the shorter-chain PFAS do not
exceed their assumed MCLs (Table 1). This is especially true for the
biosolids-impacted site where the simulated PFAS concentrations in
the groundwater receptor well are generally much lower. Note that
this is expected due to the lower soil PFAS concentrations for the
biosolids-impacted site relative to that for the AFFF-impacted site.

The simulated PFAS concentrations for the biosolids-impacted site
are less sensitive to precipitation levels, but they are still sensitive
to the net infiltration rates—the biosolids site receives additional in-
filtration due to irrigation. PFAS leaching being highly sensitive to
the net infiltration rates highlights the importance of quantifying the
net infiltration or groundwater recharge for accurately characterizing
the contamination risks of PFAS to groundwater resources at PFAS-
contaminated sites. The dilution factor in groundwater also has an im-
pact on the PFAS concentrations in the groundwater receptor well. The
dilution factor (Eq. (1)) is a function of groundwater velocity, net in-
filtration rate, contaminated site dimension, and other parameters. The
computed dilution factors differ greatly between the two sites due to
their different site dimensionalities (𝑊 = 30 m for the AFFF-impacted
fire training site while 𝑊 = 2, 354 m for the biosolids-impacted agricul-
tural site). The dilution factors for the biosolids-impacted agricultural
site (ranging from 2.3 to 5.9) are much smaller than those for the

AFFF-impacted site (ranging from 144 to 2200). It is important to
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Fig. 5. Simulated concentrations of PFAS in a groundwater receptor well impacted by the source zone of the AFFF-impacted fire training site, with and without accounting for
PFAS adsorption at the air–water interfaces. The case of the Sandy Clay Loam soil under all three precipitation levels (30 cm, 60 cm, and 120 cm) is presented. (For interpretation
of the references to color in this figure legend, the reader is referred to the web version of this article.)

Fig. 6. Simulated concentrations of PFAS in a groundwater receptor well impacted by the source zone of the biosolids-impacted agricultural site, with and without accounting for
PFAS adsorption at the air–water interfaces. The case of the Sandy Clay Loam soil under all three precipitation levels (30 cm, 60 cm, and 120 cm) is presented as an example.
4 ppt, the USEPA proposed MCL for PFOS and PFOA (USEPA, 2023a), is shown as a reference. (For interpretation of the references to color in this figure legend, the reader is
referred to the web version of this article.)
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Fig. 7. Simulated concentrations of PFAS in a groundwater receptor well impacted by the source zone of the biosolids-impacted agricultural site for the six different soils. The
case of a precipitation level of 120 cm is used as an example. 4 ppt, the USEPA proposed MCL for PFOS and PFOA (USEPA, 2023a), is shown as a reference. (For interpretation
of the references to color in this figure legend, the reader is referred to the web version of this article.)
point out that our analytical framework employs the simple dilution
factor approach (Eq. (1)) recommended by the USEPA soil screening
guidance (USEPA, 1996), but other more sophisticated groundwater
flow and transport models that may be more suitable when more
site-specific information is available can also be incorporated in our
analytical framework in lieu of the currently employed dilution factor
model.

For both types of contaminated sites, the properties of the soils in
the vadose zone act as primary factors affecting PFAS leaching and the
PFAS concentrations in the groundwater receptor well. Fig. 7 compares
the computed PFAS concentrations in the groundwater receptor well
for all six soil types using the biosolids-impacted agricultural site as an
example. The PFAS concentrations in the groundwater receptor well
vary among soil types. A closer inspection reveals that the variation is
caused by the different solid-phase adsorption capacities and different
magnitudes of air–water interfacial area (partly due to the different
soil water characteristics of the different soils (Table 2). The Sandy
Loam soil appears to have the strongest vadose-zone attenuation for
the longer-chain PFAS among all six soils. For example, PFOS begins to
enter the groundwater receptor well at approximately 200 years for the
Sandy Loam soil, while the PFOS plume has already passed through the
groundwater receptor well in a similar timeframe for all the other five
soils. Correspondingly, the peak concentration is also between 3 to 9
times smaller than for the other five soils. As mentioned earlier in the
discussion of the vadose-zone attenuation factors (Fig. 4), the stronger
attenuation is caused by the Sandy Loam soil’s much greater solid-phase
adsorption capacity relative to the other soils (Table 3). Interestingly,
relatively small differences are observed among the other five soils
for the concentrations of the longer-chain PFAS in the groundwater
receptor well, consistent with the similar leaching behaviors reported
in Guo et al. (2022). Finally, we note that the 𝐾𝑑 for the six soils
in the present study are determined based on measured 𝐾𝑑 values.
However, measured 𝐾𝑑 may not be available for general applications at
contaminated sites and may need to be estimated. Rovero et al. (2021)
reviewed 𝐾𝑑 values for many soils and PFAS and reported that 𝐾𝑑
may vary strongly from site to site even for the same soil types. This
10
implies that soil types alone may not be sufficient for estimating 𝐾𝑑 ,
and additional measurements such as geochemical properties will be
needed to reduce uncertainties for estimating 𝐾𝑑 .

4.2. Inverse framework and derivation of site-specific SSLs for PFAS

In this section, we illustrate how the analytical modeling framework
can be used in an inverse mode to determine site-specific SSLs for PFAS.
We generate synthetic PFAS-contaminated sites for both the AFFF-
impacted fire training and biosolids-impacted agricultural sites that
have gone through 30 years of active contamination under a wide range
of conditions as described in Section 3.1. PFAS concentration profiles
in the vadose zone are taken at the end of this 30-year contamination
period. The various corresponding site conditions are then used as
example contaminated sites for evaluating the site-specific SSLs for
PFAS. Specifically, we take the PFAS concentration profiles and the
site conditions and then apply the integrated modeling framework
to simulate the PFAS concentration in a groundwater receptor well
impacted by the contaminated site. We then compare the simulated
peak concentration for each PFAS under consideration to a given MCL.
If the simulated peak concentration is lower than the MCL, then the
site may be considered not of concern for this specific PFAS with
respect to the soil-to-groundwater exposure pathway. Otherwise, fur-
ther investigation and remedial actions may be required to remove
PFAS in the soil to comply with the MCL. For illustrative purposes,
we employ a simple approach where we represent a remedial action as
the removal of the soil PFAS mass proportionally across the entire soil
concentration profile. We then use an iterative approach to derive the
site-specific SSL for each PFAS at each specific synthetic contaminated
site. Specifically, we incrementally remove a fraction of the soil PFAS
mass, re-simulate the PFAS concentration at the receptor well, and
then compare the peak concentration with the given MCL. We keep
removing the PFAS mass until the peak concentration of PFAS falls
below the MCL. The upper-bound soil concentration of the remaining
PFAS in the soil may be considered as the soil screening level that is
protective of the groundwater at this site. For scenarios where the MCL
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Fig. 8. Illustrative example for the derivation of SSLs using the inverse mode of the integrated modeling framework. The AFFF-impacted fire training site for the case of Loam 2
soil at 30 cm precipitation level is presented for three PFAS (PFHxS, PFOA, and PFOS). The soil concentration of PFAS is iteratively reduced such that the peak concentration in
the groundwater receptor well impacted by the contaminated site goes below the MCL (from the red curve to the green curve). Insets are included to zoom in on the comparison
with the MCL. The derived soil screening levels with and without accounting for air–water interfacial adsorption are both presented. (For interpretation of the references to color
in this figure legend, the reader is referred to the web version of this article.)
Table 4
SSLs derived from the inverse mode of the integrated modeling framework for the Loam 2 soil for both the AFFF-impacted fire training and the biosolids-impacted agricultural
sites. The SSLs for the three precipitation levels and with vs. without accounting for air–water interfacial (AWI) adsorption are presented.

PFAS Derived SSL (μg/kg)

30 cm precipitation 60 cm precipitation 120 cm precipitation

w/ AWI adsorption w/o AWI adsorption w/ AWI adsorption w/o AWI adsorption w/ AWI adsorption w/o AWI adsorption

AFFF PFPeA 2,165 1,962 569 538 153 150
PFHxA 2,927 2,334 728 637 192 177
PFHpA 11,767 6,395 2,504 1,701 564 459
PFOA 176 36.2 30.3 9.55 5.28 2.55
PFNA 16,963 820 2,623 210 373 54.1
PFDA 19,072 2,348 2,756 590 435 149
PFBS 2,290 2,085 602 571 162 157
PFHxS 76.5 33.6 15.3 8.93 3.29 2.43
PFOS 8,629 673 1,363 171 201 43.4

Biosolids PFPeA 5.47 5.25 4.20 4.03 2.54 2.49
PFHxA 6.89 6.21 5.18 4.79 3.15 2.93
PFHpA 22.5 16.4 16.2 12.5 9.20 7.67
PFOA 0.25 0.09 0.17 0.07 0.08 0.04
PFNA 20.3 2.00 13.0 1.50 5.27 0.89
PFDA 22.0 5.57 14.5 4.15 6.37 2.43
PFBS 5.82 5.53 4.43 4.29 2.68 2.61
PFHxS 0.13 0.09 0.10 0.07 0.05 0.04
PFOS 10.6 1.61 6.87 1.21 2.88 0.71
is not exceeded initially, we still derive an SSL as a reference. We do
so by incrementally adding mass to the input soil profile until the peak
concentration in the receptor well is just below the MCL. The upper
bound of the end soil concentration may be considered as an SSL for
the PFAS at that specific site condition.

We begin by looking at some illustrative examples of the derived
SSLs for three PFAS (PFHxS, PFOA, and PFOS) for the case of Loam 2
soil at 30 cm precipitation at the AFFF-impacted site (Fig. 8). The MCL
presented in Table 1 are used to derive the SSLs. The initial simulated
PFAS concentration at the groundwater receptor well (above the MCL)
11

and that after removing PFAS mass in the soil (below the MCL) are both
presented. The derived SSL increases with chain length, with the SSL for
PFOS being much greater than that for PFOA and PFHxS. To illustrate
how air–water interfacial adsorption affects the SSLs, we also present
the derived SSLs where the air–water interfacial adsorption is turned
off in the analytical vadose-zone transport model. The results indicate
that not accounting for air–water interfacial adsorption leads to sub-
stantially smaller SSLs. The SSLs decrease by a factor of approximately
13, 5, and 2 for PFOS, PFOA, and PFHxS, respectively.

Similar trends for the derived SSLs are observed for the other PFAS
for the same case of Loam 2 soil under different precipitation levels

at the AFFF-impacted site (Table 4). For the same MCL, PFAS with
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Table 5
Comparisons of the SSLs derived from the iterative inverse mode of the integrated modeling framework versus those derived using the vadose-zone attenuation factor (‘‘VZ-AF")
approach described in Eq. (4). The case of the Loam 2 soil at the precipitation level of 60 cm is used as an example for both the AFFF-impacted fire training and Biosolids-impacted
agricultural sites. The two approaches give almost identical SSLs (within 0.5% difference).

PFAS AFFF site Biosolids site
SSLIterative SSLVZ−AF Difference SSLIterative SSLVZ−AF Difference
(μg/kg) (μg/kg) (–) (μg/kg) (μg/kg) (–)

PFPeA 569.0 569.8 0.1% 4.20 4.22 0.4%
PFHxA 728.0 728.8 0.1% 5.18 5.20 0.3%
PFHpA 2503.6 2506.9 0.1% 16.24 16.30 0.4%
PFOA 30.3 30.4 0.2% 0.17 0.17 0.1%
PFNA 2623.4 2631.6 0.3% 13.01 13.01 0.0%
PFDA 2756.4 2765.5 0.3% 14.46 14.50 0.3%
PFBS 601.9 602.6 0.1% 4.43 4.43 0.1%
PFHxS 15.3 15.4 0.3% 0.10 0.10 0.5%
PFOS 1363.1 1364.5 0.1% 6.87 6.89 0.2%
,

higher attenuation factors have a greater derived SSL, confirming that
accurately representing the attenuation processes in the vadose zone is
critical for reducing uncertainties in the derived SSLs. There are two ad-
ditional observations. First, greater precipitation levels (hence greater
net infiltration rates) significantly reduce the SSLs for all PFAS. This is
true both with and without accounting for air–water interfacial adsorp-
tion, but the reduction is greater when air–water interfacial adsorption
is included, especially for the more interfacially-active longer-chain
PFAS. For example, the SSL for PFOS decreases from 8629 ug/kg to 201
ug/kg (with air–water interfacial adsorption) and 673 ug/kg to 43.4
ug/kg (without air–water interfacial adsorption) respectively, when the
precipitation level increases from 30 cm to 120 cm. Second, the impact
of precipitation level increases for longer-chain PFAS as expected. This
is because greater net infiltration rates lead to greater water saturation
that subsequently reduces the air–water interfacial area and hence the
overall retention, especially for the more interfacially-active longer-
chain PFAS. For instance, the SSLs for PFDA and PFOS (the two
longest-chain PFAS) decrease by a factor of 44 and 43, respectively,
when the precipitation level increases from 30 cm to 120 cm. Con-
versely, the SSLs for PFPeA and PFBS (the two shortest-chain PFAS)
are both reduced by a factor of 14.

We have also derived the SSLs for the biosolids-impacted site (Ta-
ble 4). The biosolids-impacted site shares the same general trend as
those observed in the AFFF-impacted site, but the derived SSLs are
much smaller—by a factor between 60 to 868 depending on the specific
PFAS and precipitation level. A closer inspection reveals that this is
caused by two factors. The first is the significantly smaller dilution
factors in groundwater at the biosolids-impacted site resulting from
the much greater site dimension based on Eq. (1) as discussed in
Section 4.1. The other reason is that the biosolids-impacted site has
additional net infiltration from irrigation (9.144 cm per year), which
enhances PFAS leaching in the vadose zone (Eq. (1)).

Regarding the dependence of the groundwater dilution factor on the
dimension of the contaminated site, the dilution factor approach (USEPA
1996) used in the present study assumes that the receptor well is at
the edge of the contaminated source zone and there is no dilution
from recharge downgradient of the site. While a greater site dimension
𝑊 increases the thickness of the groundwater mixing zone (𝛿𝑔𝑤), 𝛿𝑔𝑤
cannot exceed the thickness of the saturated zone (𝑏𝑠𝑎𝑡). Because the
dilution factor scales inversely with 𝑊 (Eq. (1)), the dilution factor can
decrease substantially as the site dimension (𝑊 ) becomes large, which
is the case of the biosolids-impacted site. Note that the thickness of the
saturated zone is set to 𝑏𝑠𝑎𝑡 = 3.05 m in the present study. For sites
with a greater thickness of the saturated zone, the biosolids-impacted
sites may have greater dilution factors, which may lead to greater SSLs.
See Tables S1–S5 in the SI for derived SSLs for the other 5 soil types
included in the present study.

In addition to deriving the SSLs from the iterative inverse mode
of the integrated modeling framework as described above, we present
another more direct approach by employing the vadose-zone attenua-
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tion factor computed in Section 4.1. Given the vadose-zone attenuation
factor (𝐴𝐹vz) for each specific site condition and PFAS, we can derive
the SSL following the revised DAF approach proposed by Brusseau and
Guo (2023) as

SSLVZ-AF = 𝐶𝑔𝑤 × 𝐴𝐹vz ×𝐷𝐹 × [𝐾𝑑 + (𝐾𝑎𝑤𝐴𝑎𝑤 + 𝜃𝑤)
1
𝜌𝑏

], (4)

where, as presented in Section 4.1, the vadose-zone attenuation fac-
tor (𝐴𝐹vz) is defined as the ratio between the maximum porewater
concentration of PFAS in the vadose zone and the maximum PFAS
concentration in the leachate discharged to groundwater, which repre-
sents the PFAS-specific attenuation processes in the vadose zone. 𝐶𝑔𝑤
(μg∕L) is an acceptable concentration in a groundwater receptor well
(the assumed MCLs in Table 1 are used in the present study), 𝐷𝐹
(–) is the dilution factor in groundwater computed from Eq. (1), 𝐾𝑑
is the solid-phase adsorption coefficient (cm3∕g), 𝐾𝑎𝑤 is the air–water
interfacial adsorption coefficient (cm3∕cm2), 𝐴𝑎𝑤 is the specific air–
water interfacial area (cm2∕cm3), 𝜃w is volumetric water content (–),
and 𝜌𝑏 is the soil bulk density (g∕cm3). The terms in the brackets serve
to convert the porewater concentration to the soil concentration based
on equilibrium mass partitioning between the porewater, solid surface,
and air–water interfaces (Brusseau and Guo, 2023). We refer to the SSL
computed in Eq. (4) as SSLVZ-AF to differentiate it from the SSL derived
from the iterative inverse mode, SSLIterative.

We compute SSLVZ-AF and compare it to SSLIterative derived from the
iterative inverse mode of the integrated modeling framework (Table 5).
While the SSLs are derived from two different approaches, they are
almost identical with less than 0.5% difference across all PFAS and
site conditions. The good agreement between the SSLs derived from
the two approaches indicates that the vadose-zone attenuation factor
effectively represents the attenuation processes of PFAS in the vadose
zone and may be used in a vadose-zone attenuation and groundwater
dilution factor approach to derive SSLs following the USEPA’s DAF
approach. Because the SSLVZ-AF and SSLIterative are identical, we use the
SSLVZ-AF and refer to it as the SSLcurrent study hereafter. It is worth noting
that the iterative inverse approach does have an advantage over the
vadose-zone attenuation approach in that it can derive an SSL profile
as a function of depth rather than a single SSL value. This additional
information may be useful for determining remedial objectives and
strategies.

5. Comparison with the USEPA SSL derivations

We compare our new SSL approach (Eq. (4)) presented in Sec-
tion 4.2 to the earlier USEPA standard SSL derivation and that recently
revised by Brusseau and Guo (2023). We begin with the standard
USEPA approach described in USEPA (1996)

SSL = 𝐶𝑔𝑤 ×𝐷𝐴𝐹 × [𝐾𝑑 + (𝜃𝑤 + 𝜃𝑎𝐻) 1
𝜌𝑏

], (5)

where DAF is a dilution and attenuation factor (–), 𝜃a is volumetric
air content (–), and 𝐻 represents the Henry’s Law constant (–). The
other variables are the same as those defined in Eq. (4). The terms in
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Fig. 9. Comparisons of the SSLs derived from our current study (Eq. (4)), Brusseau and Guo (2023)’s USEPA revised approach, and the USEPA standard approach. The Sand and
Sandy Clay soils at the precipitation level of 60 cm for the AFFF-impacted fire training site are presented as examples.
the brackets convert the porewater concentration to the soil concentra-
tion based on equilibrium mass partitioning between the porewater,
solid surface, and the air phase. The DAF in Eq. (5) considers only
contaminant dilution in groundwater and thus does not represent any
attenuation in the vadose zone. For illustrative purposes, we neglect
the partitioning of contaminants in the air phase in the present study
when comparing the different SSL derivation approaches. Furthermore,
we use DF to replace DAF to reflect that it only accounts for dilution
in groundwater. In the present study, DF is computed from Eq. (1). We
then obtain the following simplified version of the USEPA standard SSL
approach

SSLEPA standard = 𝐶𝑔𝑤 ×𝐷𝐹 × [𝐾𝑑 +
𝜃𝑤
𝜌𝑏

]. (6)

Brusseau and Guo (2023) revised the USEPA SSL approach to in-
clude the mass partitioning of PFAS at the air–water interfaces when
converting the porewater concentration to the soil concentration. In the
simplified version, the revised SSL approach has the following form

SSLEPA revised = 𝐶𝑔𝑤 ×𝐷𝐹 × [𝐾𝑑 + (𝐾𝑎𝑤𝑎𝑎𝑤 + 𝜃𝑤)
1
𝜌𝑏

]. (7)

As discussed in Section 1, the revised SSL approach by Brusseau and
Guo (2023) (Eq. (7)) also does not represent any attenuation in the
vadose zone, such as that caused by the retention of PFAS at air–water
or solid–water interfaces during leaching. Inspection of the three SSL
approaches (Eqs. (4)–(7)) reveals that our new SSL approach (Eq. (4))
is the only one that accounts for the attenuation of PFAS in the vadose
zone via the vadose-zone attenuation factor 𝐴𝐹vz.

To illustrate the impact of including vadose-zone attenuation on the
derived SSLs, we present in Fig. 9 the SSLs derived from our current
study (Eq. (4)), Brusseau and Guo (2023)’s USEPA revised approach
(Eq. (7)), and the USEPA standard approach (Eq. (6)). The Sand and
Sandy Clay soils at the precipitation level of 60 cm for the AFFF-
impacted fire training site are presented as examples. Additional com-
parisons for other soils are presented in the SI. The comparisons show
that while the SSLEPA revised are greater than those by SSLEPA standard
consistent with that reported in Brusseau and Guo (2023), the SSLs
from our current study are uniformly greater than those by both
previous approaches. Relatively small differences are observed for the
shorter-chain PFAS among the three SSLs, but the difference increases
greatly for longer-chain PFAS for both PFCAs and PFSAs. For the two
shortest-chain PFPeA and PFBS, the three SSLs are comparable for Sand,
and the SSLCurrent study is approximately 2.5 and 3 times greater than
the other two for the Sandy Clay soil. Conversely, the SSLCurrent study of
the longest-chain PFDA and PFOS are over 38 and 29 times greater than
the SSLEPA revised and 159 and 174 times greater than the SSLEPA standard
for the Sand, respectively. Similar trends of the differences are observed
13
for the Sandy Clay and other soils (see SI), which is consistent with
the attenuation factors presented in Fig. 4. The ratios between the SSLs
derived from the three SSL approaches decrease under greater precipi-
tation levels (i.e., greater net infiltration rates), indicating as discussed
previously that net recharge is a critical parameter to determine when
estimating site-specific SSLs. It is interesting that the SSLCurrent study for
the longer-chain PFAS is still one order of magnitude or greater than
the SSLEPA revised and SSLEPA standard even for the precipitation level of
120 cm (see SI Figure S13). Because the solid–water and air–water
interfacial adsorption are primary factors affecting PFAS attenuation
in the vadose zone, we have examined the sensitivity of the derived
SSLs to both the solid–water and air–water interfacial adsorption coef-
ficients (see figures S14 & S15 in the SI). The results suggest that the
uncertainty in these two parameters linearly propagates to the derived
SSLs and the relative importance of the uncertainty in the solid–water
and air–water interfacial adsorption is a function of the soil type and
PFAS.

The above results and analyses suggest that it is critical to include
the attenuation of PFAS in the vadose zone for accurately estimating
site-specific SSLs given an acceptable concentration in a groundwater
receptor well at the site, especially for the more interfacially-active
longer-chain PFAS. While not accounting for vadose-zone attenuation
has a limited impact on the SSLs for the shorter-chain PFAS, it can lead
to 1 to 2 orders of magnitude lower SSLs for the longer-chain PFAS.

6. Conclusion

We have developed a new integrated modeling framework that com-
bines an analytical vadose-zone transport model that includes PFAS-
specific retention processes (Guo et al., 2022) with a relatively simple
approach that accounts for the dilution of PFAS by mixing in ground-
water (USEPA, 1996). We have illustrated with specific examples that
the analytical modeling framework can be used in a forward mode to
characterize the risk of PFAS contamination in a groundwater receptor
well near the contaminated site as well as in inverse modes to derive
SSLs given an acceptable concentration in a groundwater receptor
well. Furthermore, we have demonstrated that the analytical vadose-
zone transport model can be used to obtain an effective attenuation
factor for PFAS leaching in the vadose zone. The computed vadose-
zone attenuation factor for specific site conditions can be directly used
to derive SSLs following the general framework of the USEPA’s DAF
approach.

The example applications for two model PFAS-contaminated sites
(AFFF-impacted fire training area site and biosolids-impacted agri-
cultural site) and the analyses over a wide range of site conditions
suggest that adsorption at the air–water interfaces is a primary factor
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that needs to be considered when characterizing PFAS contamination
risks in groundwater receptor wells near PFAS-contaminated sites. Not
accounting for retention due to adsorption at the air–water interfaces,
as well as the solid–water interfaces, can lead to significantly greater
peak simulated concentrations (up to an order of magnitude under
certain conditions) in the groundwater receptor well, especially for the
more interfacially-active longer-chain PFAS. Accordingly, not account-
ing for the attenuation of PFAS in the vadose zone will also lead to
significantly underestimated SSLs at PFAS-contaminated sites. While
the SSLs derived by our integrated modeling framework are comparable
to those by the USEPA SSL approaches for the shortest-chain PFAS, the
SSLs are 1 to 2 orders of magnitude greater than the SSLs derived from
the USEPA standard SSL approach for longer-chain PFAS under most of
the site conditions investigated in the present study. In addition to char-
acterizing groundwater contamination risks and determining SSLs, it is
anticipated that the analytical modeling framework can also be used for
more general site characterization and remedial selection/assessment
efforts, which will lead to an improved capacity to determine, manage,
and mitigate risks associated with PFAS-contaminated sites.
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